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Links between estuarine condition and
spatial distributions of marine invaders
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INTRODUCTION

The introduction of non-indigenous species (NIS) is widely

argued to be the second most important cause of native species

decline after habitat loss (Vitousek et al., 1996). NIS have been

associated with native species extinctions through predation,

competition and habitat alteration (Mack et al., 2000). The

reduction in native species abundances has associated eco-

nomic costs, particularly when the species at risk is one of

interest to farming or aquaculture. In the United States alone,
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ABSTRACT

Aim Non-indigenous species pose a significant threat to the environment and to

global economies. Predictive and preventative measures are widely considered

more effective in curtailing invasions than are eradication or control measures. Of

key importance in the prediction of regional invasion risk are the environmental

conditions that enable successful establishment.

Location We surveyed native and non-indigenous sessile invertebrate diversity in

each of two commercial (600–1500 vessels per year) and two recreational estuaries

(seven to nine marinas) in New South Wales, Australia.

Methods A nested hierarchical design was employed to investigate variation in

sessile invertebrate diversity at the scales of site (1–3 km apart) and estuary (40–

180 km apart). Settlement plates (15 · 15 cm) were used to sample invertebrates

and background heavy metal loads were assessed using bioaccumulation in

experimentally deployed oysters. Other physico-chemical variables were

monitored monthly. Manipulative experiments were used to test the direct

effects of exposure to copper and tributyltin (TBT) antifouling paints on sessile

invertebrates.

Results Native and non-indigenous species richness differed at various spatial

scales, but showed no consistent difference between commercial and recreational

estuaries. Instead, individual species distributions were strongly related to metal

contamination, temperature, turbidity and pH. In experimental studies, several

species (mostly invaders) were more abundant on plates exposed to copper and/or

TBT antifouling paints. We found higher levels of copper (and in some instances

TBT) in recreational marinas than in commercial harbours.

Main conclusions Our results demonstrate the importance of metal pollution

and physico-chemical variables in the establishment of invaders in new regions.

We have identified several native Australian species that have been exported

overseas and suggested mechanisms contributing to their transport and

establishment. Combining physico-chemical information about donor and

recipient regions with species tolerances could go some way to predicting

where future invasions may occur.
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damages and losses from NIS amount to $138 billion per year

(see reviews by Pimentel et al., 2000; Colautti et al., 2006).

Recognition of the threat NIS pose to the environment and

global economies has resulted in a push for predictive and

preventative methods to control the spread of invaders (Mack

et al., 2000; Hulme, 2006; Keller et al., 2008). To effectively

manage the invasion threat, managers need to be able to

identify vulnerable areas where NIS will dominate (e.g.

‘invasion hotspots’ Holeck et al., 2004) and where they may

act as a source of propagules to neighbouring regions.

Of key importance in the assessment of regional invasion

risks are the environmental conditions that allow for estab-

lishment and dominance of species in a new region. The

so-called ‘habitat suitability’ hypothesis suggests that successful

introduction is more likely if species are matched with suitable

environments (Williamson et al., 1986; Blackburn & Duncan,

2001). The invasion process is likely to select for species that

have a wide environmental tolerance because they must survive

the process of entrainment and transport (Johnston et al.,

2009). In the marine environment, ports and marinas are

recognized as invasion hotspots (Carlton, 1987) and transport

vectors include the hulls of boats, ballast tanks or sea chests

(Allen, 1953; Williamson et al., 1986; Ruiz et al., 2000; Coutts

et al., 2003). Conditions for invaders transported internally

(ballast water) and externally (hull fouling) by maritime vessels

can be highly stressful (Wonham et al., 2001; Minchin &

Gollasch, 2003). In addition to surviving high concentrations

of heavy metals on the hulls and in the ballast tanks of vessels

(Murphy et al., 2002; Finnie, 2006; Hua & Liub, 2007), marine

invaders may be exposed to physical hardships during an

oceanic voyage caused by the ship’s movement through the

water and dramatic changes in the physico-chemical properties

of the water body between geographical regions. Disturbances

such as changes to temperature regimes and pollution in the

recipient environment can also increase the susceptibility of a

community to arriving invaders (Stachowicz et al., 2002; Clark

& Johnston, 2005).

Ports and harbours are ideal systems within which to test

theories about associations between invaders and environmen-

tal parameters. They are the first point of entry for NIS arriving

on the hulls of vessels, in ballast tanks or sea chests (Coutts

et al., 2003), although ballast water discharge from inter-

national vessels is now prohibited in Australian ports if the

water is foreign, marine, coastal or unexchanged (AQIS 2008).

Ports are also important foci of anthropogenic activities that

can influence physico-chemical variables such as temperature,

salinity, dissolved oxygen (DO), pH and turbidity. Changes in

these variables may affect the growth and reproduction rates of

resident species and alter their metabolic rates and feeding

efficiencies (Salazar & Salazar, 1996; Ostroumov, 2005).

Physico-chemical variables also have been found to influence

the distribution of many marine species, (Barry et al., 1995;

Engle & Summers, 1999; Akin et al., 2003; Roessig et al., 2004;

Nicholson et al., 2008), and some studies have focused

particularly on NIS. For example, Miller et al. (2007) found

that the ability to withstand low salinity was an important

predictor of molluscan invader success. Similarly, in the

brackish waters of Europe, NIS were found to exploit

environmental conditions that did not favour native species

(Paavola et al., 2005). Levels of DO have also been found to

affect interactions between native and non-indigenous species

(Byers, 2000; Jewett et al., 2005).

Heavy metal contaminants in estuaries can also influence the

distribution of marine species and have been well studied in

benthic communities (Brown et al., 2000; Morrisey et al.,

2003), but comparatively little remains known about their

effect on sessile invertebrate fouling communities (marine

organisms that grow on hard substrates). The build-up of

heavy metals in estuaries has been posited as a major driver of

invasion outcomes through the provision of a competitive

advantage to more tolerant NIS (Piola & Johnston, 2007).

Although there is experimental evidence to support this notion

(Piola & Johnston, 2007), there are no data directly linking

pollution levels and invasive marine species’ distributions in

the field. Levels of pollution will differ with respect to the

primary activities in an estuary and will differ spatially and

temporally within an estuary. For example, estuaries domi-

nated by industry are likely to have high levels of contaminants

from factory waste (particularly metals) and may accumulate

high concentrations of tributyltin (TBT) from antifouling (AF)

paints used on commercial vessels (e.g. oil tankers and coal

transporters) (Lewis, 2001; Lewis et al., 2004). Estuaries

surrounded by residential housing and occupied by recrea-

tional marinas are likely to have lower levels of heavy metals,

although copper from the AF paints used on recreational

vessels has been found to accumulate in the water around

marinas (Claisse & Alzieu, 1993; Floerl & Inglis, 2003; Schiff

et al., 2004; Warnken et al., 2004).

Antifouling paints are applied to the external submerged

surface of maritime vessels and often contain heavy metals to

prevent the settlement of fouling species. Since the 1980s, most

recreational vessels (< 25 m long) in developed countries have

been banned from using TBT-based AF paints (Champ, 2000).

These recreational vessels have generally reverted to traditional

copper-based AF paints, while commercial vessels continued to

use TBT [although use of TBT has been gradually phased out

since 2003 and banned since January 2008 by countries

ratifying the IMO convention (IMO 2001)]. Based on the

predicted half-life of TBT and associated compounds, many

recreational estuaries should now harbour only very low levels

of this contaminant in the water column (Champ & Seligman,

1996).

This study examined the prediction that commercial and

recreational estuaries support distinct populations of non-

indigenous and native with more NIS in commercial ports. It is

proposed that these patterns of fouling species’ distribution are

related to different numbers and types of transport vectors in

the two types of estuaries and to the different contaminants

and physico-chemical conditions present in each. We also

examined the response of non-indigenous and native fouling

species to two copper-based and one TBT-based AF paint to

test the hypothesis that the presence of copper AF paints would
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favour marine invaders. Results are interpreted with reference

to species that are non-indigenous to Australia and species that

are native to Australia, but have been introduced overseas; the

latter are termed ‘exported’ species (ES) (Dafforn et al., 2009).

Hereafter, NIS and ES are referred to as ‘invaders’. It is

important to consider invaders as a specific group including

not only NIS, but also native species that pose a risk of export

to other regions.

METHODS

Study sites

Experiments were conducted in two commercial and two

recreational estuaries along the coast of New South Wales,

Australia, between June 2006 and February 2007 (Fig. 1).

Port Kembla and Newcastle Harbour are commercial estu-

aries receiving international vessel traffic. Port Kembla

receives c. 600 vessels per year (P.K.P.C., 2006) and New-

castle Harbour 1500 vessels per year (N.P.C., 2006). Both

harbours have a single small recreational marina located

> 500 m away from the main port area, but each harbour is

dominated by commercial facilities. Pittwater and Port

Hacking are exclusively recreational estuaries and neither

supports commercial shipping activities. Pittwater has nine

marinas and two sailing clubs and Port Hacking has seven

marinas and hundreds of private pontoons and moorings

accommodating an estimated 50–200 boats at each marina

(Dafforn, pers. obs.). A spatially nested hierarchical design

was employed to investigate variation in species recruitment

within these estuaries. Three sites (c. 1–3 km apart) were

sampled in each estuary. Each recreational site was situated

at a marina, and each commercial site was situated at a

docking terminal (Fig. 1).

Biodiversity survey and experimental comparison of

antifouling paints

To sample sessile invertebrate (fouling) assemblages in these

estuaries, six settlement plates (controls) (15 · 15 cm) were

deployed at each site at a depth of 2 m below mean low water

springs (MLSW) (the estuaries have tidal ranges of between

1 and 2 m). Settlement plates were made of black Perspex

(3.5-mm thick) and were roughly sanded. Control plates were

attached to plastic frames using two cable ties in the outer

3 cm. Frames were suspended vertically and were hung in

shaded places, either under pontoons or on pilings beneath

jetties c. 2–3 m from the sea floor at MLSW. To test

hypotheses about effects of AF paints on sessile invertebrate

assemblages, an additional 18 settlement plates were treated

with one of three different paints and simultaneously deployed

at each site; six were treated with a 3-cm border of ‘Micron

Extra’ (copper diuron, CuDi), six with ‘Intersmooth 360’

(copper zinc pyrithione, CuZnP) and six with ‘Superyacht 800’

(TBT). CuDi is commonly used by recreational vessels, while

CuZnP is only available to commercial vessel owners and has

been introduced as an alternative to TBT. Control plates

(described above) were treated with a 3-cm border of non-

toxic primer to allow direct comparisons with the paint

treatments. Settlement plates were deployed on three frames

with two replicates of each AF treatment on each frame (eight

plates per frame). Frames were separated by 3–5 m within each

site.

Jetties and pontoons are the dominant structures in

commercial and recreational estuaries and therefore, for

logistic reasons and to reflect the primary substrate available

in those areas, it was necessary to attach frames to stationary

structures (jetties) in commercial estuaries and to moving

structures (pontoons) in recreational estuaries. Research by

Holloway & Connell (2002) found differences in assemblage

development between stationary and moving structures; how-

ever, they compared moving plates that were either partially

above the surface or submerged on the water line, and did not

test effects at greater depths. To investigate whether such

structural differences may have confounded our comparison of

assemblages between estuary types, we deployed 11 · 11 cm

Perspex settlement plates attached to larger frames that were

moving or stationary at 0.5 or 2 m depth for a period of

3 months (Dafforn et al., 2009). Invaders (NIS + ES) were

more numerous on moving than stationary structures at
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Figure 1 Sampling locations of berths and marinas. (c) Newcastle

Harbour containing S1 = Dyke 1, S2 = Dyke 2 East and

S3 = Dyke 2 West, (d) Pittwater containing S1 = The Quays

Marina, S2 = RPAYC and S3 = Heron Cove Marina, (e) Port

Hacking containing S1 = Burraneer Bay Marina, S2 = Cronulla

Marina and S3 = Dolans Bay Marina and (f) Port Kembla con-

taining S1 = Jetty 4 South, S2 = Jetty 4 North and S3 = Jetty 6.

Invader distribution in estuaries
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0.5 m; however, they showed no difference between moving

and stationary structures at 2 m (Dafforn et al., 2009), which

was the depth at which plates were deployed in the present

study. Similarly, when species were analysed individually, there

was no difference between stationary or moving structures at

2 m for several of the species that were dominant in this study

(Dafforn et al., 2009). In addition, patterns for other dominant

species were generally in the opposite direction to those found

between commercial and recreational estuaries. For example,

some invaders have been found to be more abundant on

moving plates at depths of 2–3 m, including Diplosoma

listerianum, Pyura stolonifera, Amphibalanus variegatus and

Bugula neritina (Glasby, 2001; Dafforn et al., 2009). In the

present study, these species occupied more space in commer-

cial estuaries, where the frames were always attached to

stationary structures. As such, our comparison of communities

between commercial and recreational estuaries may have failed

to detect differences between estuary types, for some species,

because the sampling in recreational estuaries was biased

towards some invaders and as such potentially overestimated

their abundance in recreational estuaries.

Data collection and analysis

After 8 months, settlement plates were retrieved, photo-

graphed and preserved in 5% formaldehyde. Images were

used to estimate percentage covers of taxa using one hundred

randomly arranged points placed over the central 9 · 9 cm

area. Organisms were identified to species level where possible

and identities were confirmed by examination of preserved

plates. Species that could be identified were classified as

native, non-indigenous or exported. Those that could not be

identified or whose origins were uncertain were classified as

cryptogenic (Carlton, 1996a).

Data for total non-indigenous, native (including exported)

and cryptogenic species richness (number of species) and

percentage cover on control plates were compared between

estuary types using a three-factor nested analysis of variance

(ANOVA). ‘Estuary Type’ was treated as a fixed orthogonal

factor and ‘Estuaries (within Estuary Type)’ and ‘Sites (within

Estuaries)’ were random, nested factors. All data were assessed

for normality using residual frequency histograms and for

homogeneity of variance using Cochran’s C-test. We then

tested for a correlation between non-indigenous and native

species richness and results are presented graphically. Percent-

age covers of dominant species (> 5%) on control plates were

also compared between estuary types using a three-factor

nested ANOVA (as described above).

To investigate the effects of AF paints, we compared

results of species’ patterns across all experimental units to

test whether the patterns of difference among control and

AF treatments occurred more frequently than would be

expected by chance (Binomial test, Underwood, 1997). AF

treatments were analysed separately for each estuary, and

frames were the replicates in these analyses (n = 18 in each

estuary type).

Comparison of heavy metals and physico-chemical

variables between estuaries

To test whether levels of heavy metals differed between

commercial and recreational estuaries, the accumulation of

metals was measured in experimentally deployed oysters.

Oysters (and settlement plates) were spaced appropriately to

prevent cross-contamination from the different AF paints.

Dafforn et al. (2008) took water samples from directly next to

settlement plates in an attempt to measure the release of

copper and TBT from the painted borders and found that

levels were below detectable limits (< 5 lg L)1 copper and

< 2 ng L)1 TBT). Three mesh bags of 10 oysters were

suspended at 2 m depth at each field site for 12 weeks, and

then collected and depurated for 48 h in containers of filtered

sea water before storage at )10 �C (Robinson et al., 2005).

Each replicate (n = 3 per site) consisted of a composite of four

oysters selected randomly from a single mesh bag, freeze dried

and ground to powder following Hardiman & Pearson (1995).

Subsamples of 0.4 g of freeze-dried oyster powder were added

to 5 mL of distilled HNO3, 2 mL of H2O2 and 3 mL of Milli-Q

water in digestion vessels and microwave digested at 190 �C for

20 min. After digestion, samples were made up to 30 mL using

Milli-Q water and analysed using ICP-MS at the Solid State

and Elemental Analysis Unit (UNSW, Sydney). Each sample

was analysed for Al, As, Cd, Co, Cu, Hg, Ni, Mn, Pb, Sn and

Zn. Recoveries were generally within 90–100% of expected

values (NIST 1566b Oyster Tissue). Where recoveries were

outside this range, the data were omitted from analysis (Al, Hg,

Ni, Pb and Sn). Because of costs of TBT analysis, three

replicates were analysed per estuary (one per site) by the

National Measurement Institute (Sydney).

To test for differences in physico-chemical variables between

sites, temperature, salinity, turbidity, pH and oxygen levels

were measured during the study using a portable water profiler

(Yeo-Kal Model 611, Yeo-Kal Electronics, Sydney). Three

replicate measurements were taken monthly at each site for

8 months from June 2006 to February 2007 and the profiler

was deployed at the same depth as the experimental frames

(2 m). Data collected from the heavy metal analysis and

physico-chemical variables were analysed with a three-factor

nested ANOVA (see above) using a mean of all months taken

for each site.

Principal components analysis was performed on the data

collected for heavy metals and other physico-chemical

variables in each of the estuaries (Fig. 2). Data were

untransformed and subject to a varimax rotation to maximize

the sum of the variances of the loading factors, resulting in a

reduced number of factors contributing to the variances

(Kaiser, 1958). Factors 1 and 2 explained 60% of the variance.

Where several variables were highly correlated (r > 0.7), the

biologically redundant variable was omitted from regression

analysis (Quinn & Keough, 2002). For example, where levels

of a particular heavy metal were consistently below mean

natural ‘background’ concentrations (values from Scanes &

Roach, 1999) found in oysters, and therefore unlikely to have

K. A. Dafforn et al.
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a biological impact, they were omitted (As, Cd, Co, Mn;

Table 1). To interpret the degree of heavy metal contamina-

tion at the different sites, levels of copper in our experimen-

tally deployed oysters were compared with natural

‘background’ levels in uncontaminated oysters (Scanes &

Roach, 1999), and levels of TBT with oyster shell deformity

thresholds (Batley et al., 1992) and presented graphically. We

then performed regression analyses on the remaining vari-

ables and percentage cover of the dominant fouling species.

spss was used to fit a line that best represented the data; in

some cases, this was a curve. Regressions are presented

graphically for r2 ‡ 0.3.

RESULTS

Sixty taxa were identified during the study (most to genus or

species) and of these, 17 were classified as native (eight of these

have been recorded as invasive overseas and are therefore

considered ES) and 25 as non-indigenous. The remaining 18

were classified as cryptogenic. The fauna included species of

encrusting and arborescent bryozoans, barnacles, solitary and

colonial ascidians, and serpulid polychaetes. The dominant taxa

(those with an average percentage cover of > 5%) were used in

univariate analyses and included the NIS, Hydroides elegans

(Haswell, 1884), Bugula neritina (Linnaeus, 1758), Watersipora

subtorquata (d’Orbigny, 1842), Styela plicata (Lesueur, 1823),

Botrylloides leachi (Savigny, 1816) and Diplosoma listerianum

(Milne-Edwards, 1841); the ES, Amphibalanus variegatus

(Darwin, 1854), Balanus trigonus (Darwin, 1854), Celleporaria

nodulosa (Busk, 1881) and Pyura stolonifera (Heller, 1878); and

the native species, Salmacina australis (Haswell, 1884)

(Table 2).

Spatial variation in species distribution and diversity

Non-indigenous, native and cryptogenic species richness and

percentage cover did not differ significantly between estuary

types (Fig. 3). Instead, we found the strongest differences in

species recruitment to be between individual estuaries and/or

among sites rather than between commercial and recreational

estuaries. Native species dominated space at nine of the 12
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Figure 2 Principal Components Analysis using data collected for

heavy metals and other physico-chemical variables in each of the

estuaries.

Table 1 Mean metal concentrations (lg g)1 dry weight) found in oysters deployed at three sites in four estuaries. Oyster replicates were lost

from S2* in Port Hacking and were replaced with the mean value of S1 and S3 from the same estuary.

Estuary Site As Cd Co Cu Mn Zn TBT (ng g)1)

Observed concentrations

Newcastle S1 0.91 0.15 0.052 16.54 1.53 470.05 13

Newcastle S2 1.25 0.11 0.048 11.12 2.26 351.63 12

Newcastle S3 0.97 0.15 0.060 25.40 1.74 528.74 16

Port Kembla S1 1.20 0.14 0.030 40.54 1.39 494.96 150

Port Kembla S2 1.19 0.13 0.032 40.71 1.92 419.23 15

Port Kembla S3 1.08 0.14 0.037 101.20 1.82 531.06 120

Port Hacking S1 1.39 0.11 0.040 54.79 1.26 474.44 25

Port Hacking S2* 1.41 0.11 0.038 57.62 1.36 474.96 45

Port Hacking S3 1.42 0.11 0.036 60.45 1.45 475.49 64

Pittwater S1 1.41 0.09 0.042 88.48 2.24 437.93 86

Pittwater S2 1.11 0.10 0.045 128.19 2.40 360.61 190

Pittwater S3 1.28 0.08 0.042 126.76 1.95 421.34 110

Background concentrations (Scanes & Roach, 1999) (Batley et al., 1992)

Mean 1.88 0.54 0.064 21.6 2.53 277 84, 88, 107,

112 ng g)1 – shell

deformities present

Bold indicates values above natural ‘background’ concentrations or above levels known to cause shell deformities.
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sites (Fig. 3), and this native dominance of space can be

attributed primarily to A. variegatus in Newcastle (40–55%),

Salmacina australis in Port Kembla and Port Hacking (10–

35%) and C. nodulosa in Pittwater (10–50%). Mean numbers

of native and non-indigenous species were strongly positively

correlated (r = 0.693; Fig. 4), ranging from 2.5 (±0.4) to

7.1 (±0.7) for natives and 2.3 (±0.3) to 7.2 (±0.9) for NIS

(Fig. 3).

The exported barnacles, A. variegatus and B. trigonus, were

the major space occupiers in the study and their percentage

covers varied between individual estuaries (F2,8 = 69.31,

P = 0.000 and F2,8 = 10.38, P = 0.006 respectively), but not

between estuary types (i.e. commercial versus recreational).

The non-indigenous serpulid polychaete, H. elegans, occupied

more space on plates deployed in one commercial port (Port

Kembla) than another (Newcastle) (F2,8 = 28.55, P = 0.000).

Percentage cover of H. elegans also differed significantly

between the two recreational estuaries, while the native

serpulid, S. australis varied in its abundance among sites

within one of the recreational estuaries (Port Hacking; SNK,

P < 0.05). Percentage covers of the non-indigenous bryozoans,

B. neritina and W. subtorquata, and the exported bryozoan,

C. nodulosa, varied among sites within estuaries (F8,60 = 3.42,

P = 0.003; F8,60 = 3.62, P = 0.002 and F8,60 = 3.96, P = 0.000

respectively). W. subtorquata was generally absent from all sitesT
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apart from in Port Hacking where percentage cover was

between 10 and 20%. Percentage cover of the exported

ascidian, P. stolonifera, and the non-indigenous ascidian,

B. leachi, varied significantly between the two recreational

estuaries (F2,8 = 5.68, P = 0.005 and F2,8 = 7.05, P = 0.017

respectively), but not between commercial estuaries. In con-

trast, the non-indigenous solitary ascidian, S. plicata showed

variation in its recruitment among sites in Port Kembla

(F8,60 = 8.68, P = 0.000). The colonial ascidian, D. listerianum,

was the only NIS to differ significantly between estuary type

and occupied more space on plates in commercial than in

recreational estuaries (F1,2 = 33.75, P = 0.028).

Heavy metals in oyster tissue

Heavy metal levels were also highly variable among sites but

did not differ significantly between commercial and recrea-

tional estuaries. Levels of Cu (in all but two commercial sites;

F8,24 = 3.28, P = 0.011; Fig. 5) and Zn (at all sites;

F8,24 = 0.471, P = 0.864) were found to be well above natural

‘background’ concentrations (Table 1). At site 3 in Port

Kembla (commercial) and all sites in Pittwater (recreational),

Cu levels were three times greater (88–128 lg g)1) than

‘natural’ background concentrations (21.6 lg g)1) (Fig. 5).

Zn levels were almost double (350–530 lg g)1) the levels that

would be expected in uncontaminated oyster tissue

(277 lg g)1) at all sites in the study (Table 1). TBT levels

were the highest in Pittwater and Port Kembla (F2,8 = 4.85,

P = 0.042) and were at levels that could potentially cause shell

deformities (Table 1; Fig. 5), although no deformities were

observed in the experimental oysters.

Relationships between species percentage cover and

heavy metal loads

Six species were strongly related to heavy metal loads,

including five invaders and one native species. Percentage

cover of the exported barnacle, A. variegatus, was negatively

related to levels of Cu and TBT and showed a weak positive

relationship with Zn (Table 2a–c; Fig. 6a,b). A. variegatus also

responded positively to the TBT paint treatment, but only at

commercial sites (Table 2d). Percentage cover of B. trigonus

(exported) was not related to background levels of Cu, TBT or

Zn (Table 2a–c), and was reduced on all the AF treatments in

commercial estuaries (Table 2d).

The serpulids H. elegans (non-indigenous) and S. australis

(native) showed similar patterns in their percentage covers

between estuaries and sites, and these were positively related to

background levels of Cu (both species) and TBT (H. elegans

only) (Table 2a,b; Fig. 6c,d). S. australis and H. elegans also

showed a positive response to experimentally applied CuZnP,

CuDi (S. australis) or TBT paints (H. elegans) (Table 2e), but

only at the sites where background Cu/TBT levels were already

elevated (generally recreational sites).

The non-indigenous bryozoan, B. neritina, was more

patchily distributed and its percentage cover was negatively

related to levels of Cu and TBT (Table 2a,b; Fig. 6e,f), but

showed no response to the AF treatments (Table 2d,e). In

contrast, percentage cover of the non-indigenous bryozoan,

W. subtorquata, was not related to background Cu or TBT

levels (Table 2a,b), but did show an effect of the AF

treatments. Specifically, the percentage cover of W. subtorqu-

ata increased on CuDi plates compared with control plates

(significant at commercial sites; Table 2d). Percentage cover of

the exported C. nodulosa was positively related to increasing

0 2 4 6 8 10
# Native species

0

2

4

6

8

10

# 
N

IS

Figure 4 Correlation plot between non-indigenous and native
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background Cu levels (Table 2a) and the bryozoan responded

negatively to the CuZnP and TBT paint treatments (Table 2e).

The exported ascidian, P. stolonifera, was less abundant at

sites with high background Cu levels (Table 2a) and its

percentage cover was negatively affected by TBT on plates at

most commercial sites, but not at recreational sites

(Table 2d,e). The non-indigenous ascidians, B. leachi,

S. plicata and D. listerianum, showed no relationship with

background heavy metal loads and no effect of the AF

treatments.

Relationships between species percentage cover and

physico-chemical variables

Nine species were strongly related to changes in physico-

chemical variables, including eight invaders and one native

species. Of these variables, DO and salinity varied between

estuaries (F2,8 = 46.55, P = 0.000 and F2,8 = 16.03, P = 0.002

respectively). Temperature, turbidity and pH varied between

sites within estuaries (F8,24 = 31.54, P = 0.000; F8,24 = 5.38,

P = 0.001 and F8,24 = 13.50, P = 0.000 respectively).

The barnacle, A. variegatus, was negatively related to DO,

salinity and temperature, and positively related to turbidity

(Table 3; Fig. 7a–c) while percentage cover of B. trigonus

increased with increasing DO, temperature and pH (Table 3;

Fig. 7d,e). Percentage cover of H. elegans was positively related

to increasing salinity (Table 3; Fig. 7f), and increased percent-

age cover of H. elegans and S. australis was also related to

increased temperatures (Table 3; Fig. 7g). H. elegans and

S. australis were negatively related to pH and turbidity

respectively (Table 3). Percentage covers of the bryozoans,

B. neritina and W. subtorquata, were also related to turbidity,

positively and negatively respectively (Table 3; Fig. 7h), and

C. nodulosa was negatively related to pH (Table 3; Fig. 7i). The

solitary ascidian, P. stolonifera, was not related to the measured

physico-chemical variables while the colonial ascidian, B.

leachi, was positively correlated with pH (Table 3; Fig. 7j).

Percentage cover of S. plicata also increased with increasing

DO and pH and decreasing turbidity (Table 3; Fig. 7k,l).

DISCUSSION

Estuaries are among the most highly disturbed marine

environments receiving large inputs of contaminants and high

volumes of shipping traffic, and as such provide an ideal

environment for invasive species to establish and persist

(Carlton, 1996b; Piola & Johnston, 2007). We compared

recruitment of sessile invertebrates in four impacted estuaries

(recreational or commercial vessel activity) with differing

contaminant loads and physico-chemical conditions, as well as

the effect of different AF paint treatments on recruitment. This

study has highlighted the potential role of metal pollution and

physico-chemical variables in the establishment of invasive

fouling species in new regions. We found that levels of
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anthropogenic impacts (in the form of heavy metal contam-

ination) and natural physico-chemical variables were more

important correlates of species distributions (including 10

invaders and one native species) than the dominant estuary

type (recreational versus commercial). This has implications

for the management of vectors as well as ports and

marinas, which may act as sources of propagules for invasive

species.
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Table 3 Regression analyses (r2-values) of species percentage cover and physico-chemical variables.

Species (a) Dissolved Oxygen (%) (b) Salinity (c) Temperature (�C) (d) Turbidity (ntu) (e) pH

Amphibalanus variegatus ()) 0.285* ()) 0.767* ()) 0.387* 0.534* –

Balanus trigonus 0.320* – 0.162 – 0.532*

Hydroides elegans – 0.470* 0.336* – ()) 0.297*

Salmacina australis – – 0.204 ()) 0.141 –

Bugula neritina – ()) 0.268* ()) 0.207 0.389* –

Watersipora subtorquata – – – ()) 0.218 –

Celleporaria nodulosa – – – – ()) 0.370*

Pyura stolonifera – – – – –

Botrylloides leachi – – – – 0.322*

Styela plicata 0.373* – – ()) 0.275* 0.405*

Diplosoma listerianum – – – – –

Value indicates where these regressions represent a significant relationship between the variables (P < 0.05, *P < 0.01). –No significant patterns.
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Non-indigenous species can be more abundant in estuaries

than on open coast (Wasson et al., 2005) and have also been

found in estuaries that lack commercial shipping (Wasson et al.,

2001; Wyatt et al., 2005). Cohen et al. (2005) sampled several

different habitats within port and non-port areas and found no

difference in NIS richness between them; however, their

results could have been influenced by the rapid assessment

methodology and the likelihood of different substrate types

(Glasby, 2000), ages of assemblages (Glasby, 1999) and sample

sizes at each location. Our study controlled the age of assemblage

and substrate composition, but substrata in commercial estu-

aries were stationary, while those in recreational estuaries were

moving. We found that the dominant taxa differed in their

percentage covers between estuaries and sites, but this was not

related to estuary type (i.e. recreational versus commercial),

except for the non-indigenous ascidian D. listerianum, which

was more prevalent in commercial estuaries. Recreational

estuaries had just as many NIS as commercial estuaries in spite

of the differences in international vessel traffic, a result similar to

that in Wyatt et al. (2005). Native species were found to

dominate space in nine of the 12 sites. Numbers of non-

indigenous and native species were strongly positively correlated

with each other, which agree with findings from other large-scale

experimental studies of invasion (Lonsdale, 1999; Stohlgren

et al., 1999; Levine, 2000; Stohlgren et al., 2003; Huston, 2004;

Davis et al., 2000). Our comparison between commercial and

recreational estuaries may not have detected differences for some

species because of the structures available for our experimental

plates. The invertebrate larvae of many fouling species are known

to disperse short distances from the adult populations (Keough,

1983) and therefore the relationships between species

abundances and metals or physico-chemical variables, which

occurred at smaller spatial scales (between sites, 1–3 km apart),

may be more important considerations in the development of

fouling assemblages.

We found levels of copper and zinc to be well above

‘natural’ background levels in 10 of 12 sites (Scanes & Roach,

1999). Tributyltin contamination was also found to be a

substantial problem in large recreational marinas (with levels

that could potentially result in shell deformities in oysters)

despite a ban on its application on boats < 25 m since 1989

and recent studies suggesting that TBT contamination is no

longer a problem in port areas (Dowson et al., 1993; Evans

et al., 1995, but see; Gibson & Wilson, 2003). TBT chemistry is

largely dependent on local environmental conditions and its

partitioning between dissolved and particle-adsorbed states

depends on factors such as particle concentration and organic

carbon content, salinity and pH (Harris et al., 1996). While

TBT has a half-life of a few days in the water column

(Seligman et al., 1996), in sediments it is thought to vary

considerably both spatially and temporally, potentially in the

order of months to years (Harris et al., 1996). In highly turbid

areas, the TBT uptake potential of sediments is increased

(Harris et al., 1996), which may partially explain why TBT

levels were lower in the water column in the well-flushed and

highly turbid waters of the commercial Newcastle Harbour

than in the more sheltered recreational marinas (Floerl &

Inglis, 2003).

Heavy metals have long been recognized as important

selection agents acting on aquatic organisms (reviewed by

Klerks & Weis, 1987). In polluted areas, organisms are under

selective pressure for increased resistance to toxicants. This can

result in physiological acclimation as tolerance is gained

through exposure to sublethal concentrations, or the evolution

of genetically based resistance through natural selection (Klerks

& Weis, 1987; Levinton et al., 2003). Several physiological

mechanisms are recognized for coping with metal stress

including the release of extracellular metabolites, which bind

to metals and reduce the metal concentration surrounding the

organism (algae: Fogg & Westlake, 1955; McKnight & Morel,

1979; Fisher & Fabris, 1982). Some invertebrates also exhibit

sequestering mechanisms such as the binding of metals to

inducible metallothioneins (Olafson et al., 1979; Suzuki et al.,

1980; Thompson et al., 1982; Engel & Brouwer, 1986; Jenkins

& Sanders, 1986; Roesijadi, 1986) or in granules and vesicles

(Brown, 1977; George & Pirie, 1979; Lowe & Moore, 1979;

Mason et al., 1984).

The NIS H. elegans responded positively to the copper AF

treatments and dominated in areas where background copper

levels were high. H. elegans is generally thought of as a copper-

tolerant species (Allen, 1953; Johnston & Keough, 2003; Piola

& Johnston, 2007; Dafforn et al., 2008), and exhibits tolerance

of TBT (this study), which together may have aided its

cosmopolitan dispersal on vessel hulls (Pettengill et al., 2007)

and establishment in polluted harbours around the world since

the 1800s (Ruiz et al., 2000). We have also demonstrated the

potential for several native species to thrive in conditions of

elevated copper (S. australis and C. nodulosa) (but see also

Piola & Johnston, 2007; Dafforn et al., 2008) or TBT (S. aus-

tralis). Five native species also responded positively to the anti-

fouling paints (A. variegatus and S. australis) or exhibited a

tolerance (B. trigonus and Pyura stolonifera – recreational

estuaries and C. nodulosa – commercial estuaries and CuDi in

recreational estuaries). Metal tolerance therefore has the

potential to advantage some native species within both donor

and recipient ports and harbours that have elevated metal

levels and a less tolerant resident biota, thereby increasing their

chances of being exported overseas on hulls painted with

copper- or TBT-based AF paint. With the exception of

S. australis, these are all ES with introduced ranges of Japan

[A. variegatus, B. trigonus; (Otani et al., 2007)], New Zealand

[C. nodulosa; (Inglis et al., 2006a,b) and Chile (P. stolonifera;

(Castilla et al., 2004)]. Japan, along with China, USA, South

Korea and New Zealand are the major destinations for

Australian maritime trade (BTRE 2007). The high (and

increasing) volume of trade between these areas represents a

significant risk of invasion from Australian species that have

been exported. Interestingly, S. australis is recognized as

endemic to Australia, but its high tolerance to copper,

particularly in recreational estuaries, suggests its potential for

export around the globe. Combining information about

shipping routes with information about species metal

K. A. Dafforn et al.
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tolerances could enhance predictions about potential exports

to other regions.

Physico-chemical variables including pH, temperature and

turbidity were also important predictors of the distribution of

fouling species and in three instances, explained > 50% of the

variation in species percentage cover. Percentage cover of

A. variegatus increased with increasing turbidity, while per-

centage cover of the solitary ascidian, Styela plicata, decreased.

Many ascidians are negatively affected by suspended sediment.

For example, the solitary ascidians, Ciona intestinalis and

Ascidiella aspersa, are sensitive to inorganic material in the

water column, which reduces their filter feeding efficiency and

can lead to reduced growth rates and mortality (Robbins,

1985). Excessive sediment can also result in burial and clogging

of ascidian siphons and branchial structures (Bakus, 1968).

Potentially the increased sediment load in the water column

inhibits growth of ascidian recruits, causing mortality and

reducing competition for space with other taxa such as

A. variegatus. Indirect benefits of reduced ascidian densities

have been recorded previously for barnacles, bryozoans and

serpulids (Johnston & Keough, 2003).

pH was also strongly correlated with percentage cover of

five invaders. Mean decreases in pH of 0.4 units were related to

�20% decreases in percentage cover of B. trigonus and

S. plicata. In the future, the increased sequestration of carbon

dioxide by the ocean as a consequence of global warming is

expected to lower pH levels with realistic changes in the order

of 0.5 pH (The Royal Society 2005). This could have a direct

effect on the physiology of marine organisms (particularly

calcifying species, e.g. barnacles). Increased ocean acidification

may also have indirect effects on marine organisms by

modifying the chemistry of toxins such as trace metals and

increasing bioavailability (The Royal Society 2005). Similarly,

predicted temperature increases of 1.8–4 �C by the year 2100

(IPCC 2007) could enhance toxic effects of metals (reviewed

by Sokolova & Lannig, 2008). This can partly be explained by

increased metabolic activity that results in higher uptake, but

also the bioavailability of metals increases at higher temper-

atures as a result of the increased solubility of metal

compounds. Interestingly, several species that were correlated

with copper and TBT, including H. elegans, S. australis,

A. variegatus and B. neritina, showed a similar relationship

with temperature, suggesting potential interactive effects of

these physico-chemical variables. Future increases in metal

bioavailability through ocean acidification and global warming

may further advantage metal-tolerant species and result in

their increased dominance of polluted areas where they can act

as a propagule source for further export.

There is a widespread trend to reduce heavy metal

contamination of estuaries and ports (Minchin & Gollasch,

2003). TBT contamination has diminished (Evans et al.,

1995), but copper, which is still commonly used in AF paints,

is accumulating in estuaries and having toxic and sublethal

effects on marine species (Claisse & Alzieu, 1993; Hall et al.,

1998). Minchin & Gollasch (2003) suggested that remediation

of harbours might lead to increased potential for NIS to

invade and establish. We would predict the opposite based on

this study and the work by Piola & Johnston (2007), which

suggest that reducing pollution loads in harbours could

increase the resilience of native communities and reduce the

dominance of invaders thereby reducing the number of

invasive propagules available for export. One method for

reducing metal loads in ports and harbours would involve

legislation to enforce the use of non-toxic AF strategies. There

currently exist several non-toxic alternatives to copper on the

market and new technologies are in the process of being

developed to replace harmful biocides in AF paints (Srinivasan

& Swain, 2007). However, if these alternatives prove less

effective at preventing biofouling, then we risk increasing the

transfer rate of NIS.

Research points to the importance of the precautionary

principle when dealing with NIS (Floerl et al., 2005), that is,

every introduction should be considered potentially harmful.

Past eradication attempts have proven costly and difficult

(Willan, 2000; Anderson, 2005; Coutts & Forrest, 2007) and

many current management programmes aim to prevent the

arrival of new pests. To this end, donor region and vector

management are essential. Our results suggest that recreational

estuaries are just as likely to harbour invaders as commercial

estuaries subject to extensive international vessel operations

(see also Wasson et al., 2001) and their dominance is often

related to metal loads and the prevailing physico-chemical

conditions. Of particular concern is how the effect of metal

contamination might be magnified by a changing climate. To

this end, it is important for us to consider the potential for

increased temperature and ocean acidification to increase

metal bioavailability and thereby increase the vulnerability of

ports and estuaries to invasion.
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